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ABSTRACT: Organic contaminant degradation by suspended bacteria in
chemostats has shown that isotope fractionation decreases dramatically when
pollutant concentrations fall below the (half-saturation) Monod constant.
This masked isotope fractionation implies that membrane transfer is slow
relative to the enzyme turnover at μg L−1 substrate levels. Analogous evidence
of mass transfer as a bottleneck for biodegradation in aquifer settings, where
microbes are attached to the sediment, is lacking. A quasi-two-dimensional
flow-through sediment microcosm/tank system enabled us to study the
aerobic degradation of 2,6-dichlorobenzamide (BAM), while collecting
sufficient samples at the outlet for compound-specific isotope analysis. By
feeding an anoxic BAM solution through the center inlet port and dissolved
oxygen (DO) above and below, strong transverse concentration cross-gradients of BAM and DO yielded zones of low (μg L−1)
steady-state concentrations. We were able to simulate the profiles of concentrations and isotope ratios of the contaminant plume
using a reactive transport model that accounted for a mass-transfer limitation into bacterial cells, where apparent isotope enrichment
factors *ε decreased strongly below concentrations around 600 μg/L BAM. For the biodegradation of organic micropollutants, mass
transfer into the cell emerges as a bottleneck, specifically at low (μg L−1) concentrations. Neglecting this effect when interpreting
isotope ratios at field sites may lead to a significant underestimation of biodegradation.

KEYWORDS: bioavailability, 2,6-dichlorobenzamide, reactive-transport model, flow-through system, GC-IRMS, CSIA

■ INTRODUCTION

The combined interpretation of solute concentrations and
isotope ratios in sediment profiles and groundwater samples is
a common approach to unravel natural transformations of
nutrients and organic compounds, most prominently organic
pollutants.1−4 The interpretation relies on the phenomenon
that kinetic isotope effects typically favor the transformation of
molecules with light isotopes so that molecules with heavy
isotopes become enriched in the remaining substrate.5,6 Hence,
an increase of isotope ratios, such as of 13C/12C or 15N/14N,
along a transport path in groundwater or sediments can
provide direct evidence of the natural transformation of a
compound. This has been applied in the analysis of sulfate,7,8

nitrate,9 and methane,10 among others, along with redox
gradients and organic pollutants (e.g., BTEX, chlorinated
ethenes, pesticides, and herbicides)11−17 at contaminated sites.
Conversely, the absence of isotope fractionation, despite a
concentration decrease, is commonly interpreted as evidence
of the absence of reactive turnover.
However, recent studies with suspended cells in chemostats

have shown that isotope fractionation may no longer be
observable at low concentrations, even though transformation

still occurs.18−27 When the mass transfer of a substrate at the
cellular level (i.e., through the cell membrane into and out of
the cell) is limited, both heavy and light isotopologues are
degraded completely inside the cell before they may diffuse
out. Consequently, the isotope fractionation of the enzymatic
transformation inside the cell can no longer be observed
outside of the cell where samples are taken for analysis.28 Such
masking of isotope fractionation has been widely recognized in
photosynthesis,20 denitrification,21,29 and sulfate respira-
tion.8,22,23,30,31 Because the phenomenon occurs if membrane
transfer is slower than the enzymatic turnover, theoretical
considerations predict that mass-transfer limitations may
become particularly relevant at extracellular substrate concen-
trations below the Monod or Michaelis−Menten constants of
growth and enzymatic turnover when enzyme kinetics shift
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from zero- to first-order.28,32 Indeed, recent biodegradation
experiments of atrazine in chemostats and retentostats showed
dramatically decreased isotope fractionation when atrazine
concentrations dropped below 30 μg/L.18,19,33,34

Thus far, however, this phenomenon has been demonstrated
only in well-mixed liquid culture systems (e.g., chemo-
stats,19,33,34 retentostats,33 or batch reactors18,25,27,35,36)
where bacteria were suspended at relatively high cell densities
in a liquid culture rather than being attached to sediments. In
these cultivations, bacteria were either not adapted to low
concentrations (e.g., in batch reactors18,25,27,35,36), or they
were adapted to low concentrations, but still they experienced
a relatively high substrate flux (e.g., in chemostats19,33,34).
Hence, insights from these systems are not directly transfer-
rable to the physiology of microorganisms in field sediments.
There, bacteria are mainly attached to sediments in subsurface
environments with contaminant concentrations in ground-
water governed by advection and dispersion coupled to the
reactive turnover. Under such circumstances, a low extent of
isotope fractionation is normally interpreted as evidence of the
decreasing degradation rate with depth37 or isotopologue-
specific transverse dispersion,38,39 where concentration trends
are explained by dilution13 or heterogeneity of groundwater
systems.40,41 While mass-transfer limitation due to aquifer
heterogeneities is well recognized,40−42 the possible relevance
of slow transfer through the bacterial cell wall and its influence
on observable isotope fractionation is currently overlooked in
the evaluation of degradation at field sites. Neglecting mass
transfer through the cell wall may overestimate the effect of
dilution, dispersion, or heterogeneity on the observed isotope
values. More importantly, such slow membrane permeation
may constitute an overlooked bottleneck for degradation that
could explain the widely observed persistence of organic
micropollutants specifically at low concentrations in the
environment.
Hence, the question arises whether and at which

concentration an onset of mass-transfer limitation into
bacterial cells can be observed during biodegradation in
porous media under realistic in situ conditions. To investigate
this phenomenon, sediment-attached degrading bacteria would
have to be exposed to different steady-state contaminant
concentrations over a longer time so that they can adapt their
physiology to prevailing substrate fluxes. Sampling would need
to allow for a closed mass balance to determine the true
turnover. While pronounced degradation-induced isotope

fractionation would be observable at high concentrations,
isotope fractionation may or may not be masked at low
concentrations depending on the absence or presence of mass
transfer limitations, respectively.
Unfortunately, large-scale studies in natural aquifers lack the

high sampling resolution needed for such an in-depth
characterization. We therefore set up a two-dimensional (2-
D) flow-through sediment microcosm/tank system43 which
allowed (i) establishing a closed mass balance with (ii)
sufficient sample resolution at the outlet (every 1 cm) to
capture the defined steady-state concentrations within
gradients, while (iii) allowing us to collect sufficiently large
samples over time for compound-specific isotope analysis
(CSIA) at low concentrations. By feeding an anoxic pollutant
solution into the center port of the tank, and a medium
containing dissolved oxygen (DO) above and below, strong
transverse concentration cross-gradients of the organic
substrate and DO were established. The organic substrate
concentration ranged from high values, at the plume center, to
low steady-state levels toward the upper and lower boundaries.
Under otherwise identical conditions, bacteria could therefore
adapt to different steady-state concentrations, with oligotro-
phic conditions in the upper and lower regions of the tank
(Figure 1).
Figure 1 illustrates our targeted hypotheses. Greater changes

in isotope values are expected when the fraction of remaining
contaminant decreases by degradation. In the plume center,
contaminant concentrations are so high that much turnover is
needed to significantly decrease the fraction relative to its
initial value. Because such a large extent of degradation is
limited by the availability of oxygen, only moderate changes in
isotope values are expected. In contrast, larger changes in the
isotope values could arise at low concentrations toward the
upper and lower boundaries of the tank where degradation is
not limited by oxygen availability. Here, isotope values are
expected to increase strongly with degradation in the absence
of mass transfer (Figure 1, scenario a). In contrast, despite
ongoing degradation such a trend would not become apparent
if mass transfer into the bacterial cell is limiting (Figure 1,
scenario b). Hence, the predicted trends can be tested by the
observations, where interpretations are supported by mass
balance calculations and via a reactive transport model that
accounts for mass transfer into bacterial cells, among other
factors controlling solute transport and turnover.

Figure 1. Schematic illustration of the 2-D flow-through sediment tank and expected profiles of isotope ratios at the outlet. Scenario (a): in the
absence of mass-transfer limitation, isotope values (blue solid line) are expected to increase strongly with degradation at low concentrations.
Scenario (b): with mass-transfer limitation, isotope fractionation would be masked at low concentrations.
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To target a particularly relevant scenario, 2,6-dichlorobenza-
mide (BAM), a metabolite of the herbicides dichlobenil and
chlorthiamide, was chosen as a model compound.44 BAM has
been frequently detected at low concentrations in ground-
water, exceeding drinking water guidelines (0.1 μg/L) and
causing problems for drinking water production in many
European countries.44−47 The bacterial degrader inoculated
here was Aminobacter sp. MSH1, an aerobic, Gram-negative,
motile bacterium,48 exhibiting a documented potential for the
purification of BAM-contaminated water in bioaugmented
sand filters.44,46,49 Furthermore, BAM is highly water soluble
(Kow = 0.7750), ruling out sorption to the sediment as a
confounding factor.
The primary objective of this study was to investigate

whether mass transfer into bacterial cells limits the in situ
biodegradation of BAM at low substrate concentrations in
groundwater. Following the hypotheses of Figure 1, CSIA
together with concentration and biomass data were applied to
calibrate and validate a reactive transport model. The model, in
turn, allowed a quantitative elucidation of the interactions
between mass transfer, degradation kinetics, solute transport,
and isotope fractionation. In addition, by simultaneously
evaluating changes in concentrations and isotope values, the
model allowed estimating a threshold concentration range
below which biodegradation became strongly limited by mass
transfer into the cells.

■ EXPERIMENTAL SECTION

2-D Flow-Through Sediment-Tank Experiment. We
adapted the experimental setup of Bauer et al.43 At the inlet
and outlet of the tank, 16 ports (distance: 1 cm) were equally
spaced to accurately inject different constituents at specified
depths at the inlet and to sample with a high-depth resolution
at the outlet. Via depth-resolved sampling at steady state,
enough sample volume could be collected at the outlet ports of
the tank to enable isotope analysis in a low (μg/L)
concentration range. The inner dimensions of the domain
were 95 cm × 18 cm × 1 cm (L × H × W), such that the tank
represents a quasi-2-D system. A detailed description of the
setup is provided in the Supporting Information, as are
additional details regarding chemicals, media preparation, and
bacterial cultivation.
The water-saturated, sand-packed tank was inoculated with

the bacterial strain Aminobacter sp. MSH1 by injecting an
inoculum containing 1 × 107 cells/mL across all inlet ports,
except the central one, at a pumping rate of 45 ± 2 μL/min/
port for 24 h. During the inoculation, a 50 mg/L anoxic BAM
solution was continuously injected at the central inlet port.
After inoculation, the flow was stopped for 3 h to give bacteria
time to adhere to the sediment. Subsequently, an anoxic 50
mg/L BAM solution was continuously introduced through the
central inlet port and an oxic medium solution without an
additional carbon or nitrogen source was continuously pumped
in through all other inlet ports at a pumping rate of 45 ± 2 μL/
min/port. This initial injection of BAM resulted in transient
breakthrough profiles. The system did not reach steady state
during the initial period of 4 weeks. Specifically, the biomass
exhibited a transient planktonic behavior, which was likely an
artifact from previous growth under well-mixed conditions.
Consequently, the time period of the 50 mg/L injection was
considered as a preliminary injection phase, where bacteria
were still undergoing physiological adaptations after their

inoculation, and this initial phase was not considered in the
present study.
After 4 weeks, the inlet concentration of BAM was increased

to 100 mg/L. The system reached a steady state in the 7th
week, that is, 3 weeks after increasing the concentration, as
indicated by stable BAM concentrations at the outflow. In this
study, Aminobacter sp. MSH1 used BAM as the sole source of
carbon, nitrogen, and energy. It is well established that in the
catalytic breakdown of BAM, hydrolysis of BAM to 2,6-
dichlorobenzoic acid (2,6-DCBA) by Aminobacter sp. MSH1 is
the initial, irreversible step,44,51,52 which is associated with a
large normal isotope fractionation for both carbon (εC = −7.8
± 0.2‰) and nitrogen (εN = −13.5 ± 0.2‰).53

For sample collection, the outflow solution was filtered
through 0.22 μM syringe filters (Merck KGaA, Germany; filter
exchange every 12 h) and pumped into separate sampling vials
for each outlet port. The sterilizing filtration can remove the
bacteria from the outflow and stop the biodegradation in the
solution right after filtration. Samples were collected and
stored at −20 °C from week 8 to week 12 and from week 12 to
week 16 (where sampling time is in relation to the start time of
inoculation). Each sampling period lasted for 30 days until a
sufficient sample volume (2 L) was collected at each outlet
port to enable CSIA of low substrate concentrations. The
Results and Discussion section presents data from this second
sampling period.

Carbon and Nitrogen Isotope Analysis of BAM.
Carbon and nitrogen isotope values of BAM were measured
on a GC-IRMS system. A DB-5 analytical column (60 m, 0.25
mm i.d., 0.5 μm film, Agilent Technologies, Germany) was
used in a TRACE GC Ultra gas chromatograph (Thermo
Fisher Scientific, Italy) which was coupled to a Finnigan MAT
253 isotope-ratio mass spectrometer through a Finnigan GC
Combustion III interface (Thermo Fisher Scientific, Ger-
many). The typical total uncertainty of carbon isotope
measurements is ±0.5‰, and the uncertainty of nitrogen
isotope measurements is ±1‰. The method, including solid-
phase extraction before CSIA, is described by Sun et al.54 and
provided in the Supporting Information.

Concentration Measurements of BAM, DO, ATP, and
Total Cell Counts. The concentrations of BAM and 2,6-
DCBA were measured every 3−5 days. After solid-phase
extraction, measurements were conducted via liquid chroma-
tography tandem mass spectrometry (LC−MS/MS) by
adapting the method of Jensen et al.55 LC was conducted on
an Agilent 1100 HPLC system (Agilent Technologies Inc,
USA); MS was performed on a QTrap 4000 system using
electrospray ionization (ESI) (Sciex, USA); and separation was
carried out on a Kinetex C18 column (2.6 μm, 10 nm, 100 ×
2.1 mm i.d., Phenomenex, USA) at 40 °C, with 5 mM of
ammonium acetate at pH 2.4 as the mobile phase A and
acetonitrile as mobile phase B. A detailed method description
is provided in the Supporting Information.
DO concentrations were measured daily via oxygen-sensitive

polymer optode foils (18 cm × 0.5 cm; PreSens GmbH,
Regensburgs, Germany) glued onto the inner side of the tank
and read out by a FIBOX2 Fiber-optic oxygen meter (PreSens,
Regensburg, Germany). The intracellular ATP concentrations
were measured on a Glomax luminometer (Turner Biosystems,
Sunnyvale, CA), according to a method adapted from Hammes
et al.56 For total cell counts, samples were collected every 3−5
days from the outlet ports of the tank, fixed with 2.5%
glutaraldehyde, and stored at 4 °C in the fridge until
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measurement. The samples were stained with SYBR Green I
and measured on a Cytomics FC 500 flow cytometer
(Beckmann Coulter, Hebron, KY) according to the method
of Bayer et al.57

Conceptual Model. The model accounts for the possibility
of substrate mass transfer through the cell membrane due to
passive diffusion driven by concentration differences. The
intracellular irreversible hydrolysis of BAM to 2,6-DCBA via an
amidase enzyme (Reaction 1) was simulated to follow
Michaelis−Menten kinetics (eq 10) and to be the sole step
that led to carbon and nitrogen isotope fractionation, resulting
in an enrichment of heavy isotopologues of BAM within the
cells.53 Subsequently, this enrichment may or may not
equilibrate with BAM in the bulk solution depending on the
rate of back diffusion through the cell membrane relative to the
rate of the enzyme turnover. For the calculation of mass
balances, it is assumed that no other reactive intermediates
accumulated and that 2,6-DCBA was either degraded to CO2
via aerobic respiration (Reaction 2a) or utilized for biomass
synthesis (C5H7O2N), that is, cell growth (Reaction 2b). All
microbially mediated reactions were assumed to take place
inside the bacterial cells and, thus, to depend on the kinetics of
the mass transfer into the bacterial cells.28

‐

+ → +

BAM to 2, 6 DCBA:

C H Cl ON H O C H Cl O NH7 5 2 2 7 4 2 2 3 (1)

‐

+ → + +

2, 6 DCBA to CO :

C H Cl O 6.5O 7CO 2HCl H O
2

7 4 2 2 2 2 2
(2a)

‐

+ + + →

+ +

2, 6 DCBA to biomass:

C H Cl O 1.5O H O NH C H O N

2HCl 2CO
7 4 2 2 2 2 3 5 7 2

2 (2b)

Both mobile (planktonic cells) and immobile biomass (cells
attached onto the sediment matrix) were considered in the
model. Partitioning between mobile and immobile biomass
was described by the growth-mediated release of daughter cells
and by the first-order attachment of mobile cells onto the
sand.58 Because the planktonic cells made up only a very small
fraction58−60 (<5%) of the total biomass in the tank, only the
immobile biomass was assumed to be responsible for
biodegradation.61−65 Biomass was generated by growth from
the aerobic degradation of 2,6-DCBA, as parameterized by a
dual-Monod kinetic rate expression (eq 12). (Note: Carbon
isotope fractionation arising from 2,6-DCBA degradation was
not considered in our model formulation because this
transformation occurred after the first irreversible step, i.e.,
the hydrolysis of BAM). Herein, we refer to both Michaelis−
Menten kinetics and Monod kinetics interchangeably when
referring to saturation-type kinetics, as they are mathematically
identical. For rate expressions containing both an electron
acceptor and donor dependence, we explicitly state that these
are dual-Monod expressions.
Upon the calibration of the model with the experimentally

determined high-resolution vertical profiles of concentrations
and isotope ratios, we could convert concentration measure-
ments into rates, determine all rate coefficients, and quantify
the influence of mass transfer on the reactive turnover at a high

spatial resolution under conditions that mimic field applica-
tions.

Governing Equations. The 2-D reactive transport of
substrates in the bulk solution, and the mass transfer and
reactions inside the cell, coupled to the microbial dynamics in
the model are described by the following set of partial
differential equations.
In the bulk solution

ρ
∂

∂
= − ·∇ + ∇· ·∇ − ·

c
t

c c r
X

v D( )
i

i i ibulk
bulk bulk mt

im

bio (3)

∂
∂

= − ·∇ + ∇· ·∇ + −X
t

X X r rv D( )
mob

mob mob
daughter attach

(4)

∂
∂

= − +X
t

r r r
im

growth
im

daughter attach (5)

Inside the bacterial cell

∂
∂

= −
c

t
r r

l h
l h l h

,
int
BAM

,
mt
BAM ,

deg
BAM

(6)

∂
∂

= + + −
c

t
r r r rl hint

DCBA

mt
DCBA

deg
BAM

deg
BAM

deg
DCBA

(7)

∂
∂

= −
c

t
r rint

O

mt
O

deg
O

2
2 2

(8)

in which cbulk
i [μmol L−1] is the concentrations of substrate i

(heavy or light isotopologues of BAM, 2,6-DCBA, or oxygen)
in the bulk solution; Xmob [μmolbio L

−1] is the mobile biomass
concentration; Xim [μmolbio L−1] is the immobile biomass
concentration; l,hcint

BAM [μmol L−1] is the intracellular concen-
tration of light and heavy BAM isotopologues, respectively;
cint
DCBA [μmol L−1] and cint

O2 [μmol L−1] are the intracellular
concentrations of 2,6-DCBA and oxygen, respectively; D [m2

s−1] is the dispersion tensor of different substrates and mobile
biomass, respectively; v [m s−1] is the velocity vector; rmt

i

[μmol Lcell
−1 s−1] is the mass-transfer rate of each substrate

through the cell membrane; rdaughter [μmolbio L−1 s−1] is the
growth-dependent detachment rate; rattach [μmolbio L

−1 s−1] is
the bacterial attachment rate; l,hrdeg

BAM [μmolbio Lint
−1 s−1] is the

intracellular hydrolysis rate of either the heavy (hrdeg
BAM) or the

light (lrdeg
BAM) isotopologue of BAM to 2,6-DCBA; rdeg

DCBA [μmol
Lint

−1 s−1] is the intracellular degradation rate of 2,6-DCBA;
rdeg
O2 [μmol Lint

−1 s−1] is the consumption rate of oxygen during
the degradation of 2,6-DCBA; and ρbio [μmolbio Lint

−1] is the
molar density of the bacteria, which is defined as biomass (Mcell
[μmolbio]) per bacterial cell volume (Vcell [Lint]).
The mass-transfer rate rmt

i of each substrate through the
bacterial cell membrane from the bulk solution to the location
of the enzymes is approximated via a linear-driving force
model66

= · −r k c c( )i i i i
mt tr bulk int (9)

in which ktr
i [s−1] is the first-order mass-transfer coefficient of

compound i for diffusion into and out of the cell. We assumed
that the mass-transfer coefficients of heavy and light
isotopologues of BAM are identical due the negligible
difference of their diffusion coefficients.54 In the presence of
BAM, the intermediate product 2,6-DCBA is transformed
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inside the bacterial cell, such that the direction of the mass
transfer of 2,6-DCBA is in the opposite direction.
The hydrolysis of both the heavy and light isotopologues of

BAM to 2,6-DCBA inside the cell follows Michaelis−Menten
kinetics52

= ·
+

r r
c

c K
l

l

deg
BAM

max
hydro int

BAM

int
BAM

m
BAMtotal (10)

α= · ·
+

r r
c

c K
h

h

deg
BAM

max
hydro int

BAM

int
BAM

m
BAMtotal (11)

in which rmax
hydro [μmol Lint

−1 s−1] is the maximum hydrolysis
reaction rate and Km

BAM [μmol Lint
−1] is the half-saturation

constant. During the hydrolysis reaction of BAM, 2,6-DCBA is
produced inside the cell. The fractionation coefficient α [-]
describes the ratio of the pseudo first-order rate coefficient

irdeg
BAM/icint

BAM between the heavy and the light isotopologues. The
fractionation may either be caused by differences between the
isotopologues in the maximum hydrolysis rate, or by
differences in the half-saturation concentration.
The rate of 2,6-DCBA degradation, rdeg

DCBA [μmol Lint
−1 s−1],

was parameterized as a dual-Monod kinetic rate expression
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in which the maximum degradation rate of 2,6-DCBA inside
the cell is expressed as μmax·ρbio/Y, μmax [s

−1] is the specific
growth rate of the bacteria, Y [μmolbio μmol−1] is the growth
yield coefficient, and Km

DCBA and Km
O2 [μmol Lint

−1] are the half-
saturation constants of 2,6-DCBA and O2, respectively.
The total transformation of 1 mol of BAM to CO2 needs 6.5

mol O2 (Reaction 2a) and the total transformation from 1 mol
BAM to biomass (C5H7O2N) requires 1.5 mol O2 (Reaction
2b). Thus, the specific stoichiometric ratio for O2 to degrade
2,6-DCBA to CO2 was computed from a linear combination of
both reactions

= −p Y6.5 5 (13)

in which p is the effective stoichiometric coefficient for O2.
Thus, the oxygen consumption rate rdeg

O2 g[μmol Lint
−1 s−1] is

= ·r p rdeg
O

deg
DCBA2

(14)

The growth rate of immobile biomass rgrowth
im [μmolbio L−1

s−1] depends on the biodegradation rate of 2,6-DCBA rdeg
DCBA,

immobile biomass in the bulk solution Xim [μmolbio L
−1], cell

density ρbio, and yield coefficient Y,

ρ
= · ·r r

X
Ygrowth

im
deg
DCBA

im

bio (15)

rdaughter [μmolbio L
−1 s−1] is the growth-dependent detachment

rate. The release of daughter cells rdaughter depends on the
proximity of the attached cell concentration Xim to the
maximum carrying capacity Xmax [μmolbio L−1]. Thus, as the
attached population approaches its maximum capacity, all
newly produced cells (via growth) are effectively expelled into
the mobile phase
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In addition, we assumed that only new grown cells can
detach and there was no detachment due to mortality. The
adhesion of the planktonic bacteria onto the sediment is
represented as the attachment rate rattach,
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in which katt is [s−1] is the first-order rate coefficient for
attachment. With increasing attachment, the corresponding
reduction in carrying capacity (or maximum allowable attached
biomass concentration) was assumed to inhibit the attachment
rate via: (1−Xim/Xmax).
The isotope ratio of the heavy and light isotopologues of

BAM was evaluated by
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−
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R R
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R
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in which Rsample is the ratio of heavy to light isotopologues of
the substrate (hc/lc) and Rstandard is the reference isotope ratio.
The standard model to predict changes in isotope ratios is

the Rayleigh equation67,68
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in which isotope values at time zero, δ13C0, and time t, δ13Ct,
are linked to the remaining substrate concentration fraction f
by ε = α − 1.5 The Rayleigh model, however, requires that the
isotope fractionating step of a reaction is also the rate-limiting
one. Hence, we do not expect that the Rayleigh model holds in
the given setup over the whole concentration range if mass
transfer becomes limiting at low concentrations, as shown in
Figure 1, scenario b.

Numerical Method. The coupled system of equations for
the multidimensional reactive transport was solved in
MATLAB following the approach of Eckert et al.62 and
Mellage et al.58 in which the spatial discretization was done by
the cell-centered Finite Volume Method (Δz = 0.001 m and
Δx = 0.01 m) with the upwind differentiation of the advective
term, and physical transport was coupled to the reactions via a
global implicit approach. The Newton−Raphson method was
applied to linearize the system of equations. The experiment
was simulated with an adaptive time stepping.

■ RESULTS AND DISCUSSION
Stoichiometry of Bacterial Growth and Model Fit.

Figure 2 shows the quasi-steady-state profiles with a 100 mg/L
BAM inlet concentration at the center port (from week 12 to
week 16). The concentration of each species (Figures 2 and 3)
was adequately simulated using the calibrated parameters
(Table S2) of the reactive transport model, which reached
steady state after a simulated time of 17 days (Figure S2).
Steep oxygen concentration gradients showed that oxygen was
limiting in the plume center, where BAM and 2,6-DCBA
concentrations were highest. In contrast, high oxygen
concentrations evidenced sufficient O2 supply for aerobic
BAM degradation at the plume fringes. A mass balance of the
measured concentrations gave a reduction of the total mass
flux of BAM from 34.1 ± 1.5 μmol/d in the inlet to 6.2 ± 1.6
μmol/d in the outlet (total reduction by 82%). Concurrently,
fluxes of total DO decreased from 237 ± 12 μmol/d at the
inlet to 151 ± 5 μmol/d at the outlet and 14.9 ± 2.3 μmol/d

Environmental Science & Technology pubs.acs.org/est Article

https://doi.org/10.1021/acs.est.0c08566
Environ. Sci. Technol. 2021, 55, 7386−7397

7390

http://pubs.acs.org/doi/suppl/10.1021/acs.est.0c08566/suppl_file/es0c08566_si_001.pdf
http://pubs.acs.org/doi/suppl/10.1021/acs.est.0c08566/suppl_file/es0c08566_si_001.pdf
pubs.acs.org/est?ref=pdf
https://doi.org/10.1021/acs.est.0c08566?rel=cite-as&ref=PDF&jav=VoR


out of the produced 2,6-DCBA were not further degraded but
reached the outlet, likely because of depleted DO at the plume
center. Estimated conversion rates from BAM to 2,6-DCBA
were 27.9 ± 1.2 μmol/d and from 2,6-DCBA to biomass and
CO2 were 13.0 ± 0.6 μmol/d, resulting in a molar ratio of
oxygen to converted 2,6-DCBA of 6.6. This is close to the
stoichiometric factor of 6.5 for oxygen in Reaction 2a
suggesting that the consumed 2,6-DCBA was primarily used
for respiration rather than for growth. Independently, a fitted
yield coefficient Y of 0.24 could be derived from the reactive
transport model (Table S2), which implies that 24% of the
transformed 2,6-DCBA was used in biomass growth whereas
76% was respired, resulting in a stoichiometry of oxygen to 2,6-
DCBA of 5.3 (eq 13). While both results confirm that

respiratory- and maintenance-driven carbon consumptions
were greater than carbon assimilation via growth, the reactive
transport model considers additional biomass data so that the
value of 5.3 is more reliable to represent the effective
stoichiometry of the catabolic reaction.
Even though biomass was depleted at the upper and lower

boundaries of the tank, where BAM and 2,6-DCBA
concentrations were the lowest (<0.1 μmol/L), suspended
cell concentrations from 1 × 105 to 5 × 105 cells/mL cells were
continuously detected in outflow samples. This continuous
outwash may be explained by: (i) trace dissolved organic
carbon or nitrogen contained in the medium solution that may
have provided an additional low-level source of carbon and

Figure 2. Experimental and simulated concentrations of (a) BAM and 2,6-DCBA in the bulk solution (circles with error bars, solid lines) and inside
the cell (dashed lines) along the outlet vertical face, (b) oxygen in the bulk solution along the vertical inlet, middle, and outlet faces, (c) total
suspended bacterial (mobile) cell numbers at the outlet ports, and (d) ATP per cell calculated by dividing the measured total ATP by the total
suspended bacterial cell number at the outlet ports. Error bars represent the standard errors of measurements during the sampling period in a quasi-
steady state.

Figure 3. Carbon and nitrogen isotope values of BAM at the outlet of the tank for a BAM inlet concentration of 100 mg/L. Δδ13C and Δδ15N
represent the carbon- and nitrogen isotope value difference between the outlet samples and the BAM inlet solution. Panels (a) and (b): Δδ13C and
Δδ15N profiles along the outlet face. Solid lines and dashed lines represent the simulated isotope values with and without the assumption of mass-
transfer limitations, respectively. Asterisk symbols represent the data of one-time measurements due to the limited analyte mass at low
concentrations, which were not considered for modeling (panel b) and regression (panel c). A dual element isotope plot (Δδ13C vs Δδ15N), with
95% confidence intervals, is shown in panel (c). Error bars represent the instrument uncertainties of ±0.5‰ for carbon isotope measurements and
of ±1‰ for nitrogen isotope measurements.
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nitrogen for bacterial growth61,69 and/or (ii) some washed-out
cells were remnants of the initial inoculation.
Evidence of High Cell Activity at the Plume Fringes.

The distribution pattern of the suspended bacterial cell
numbers informs about the adaptation of the degrader strain
Aminobacter sp. MSH1 to different concentrations along the
concentration profile (Figure 2). At the plume fringes, the
breakthrough of the suspended cells [(3.38 ± 0.36) × 106

cells/mL to (3.88 ± 0.60) × 106 cells/mL] and the ATP
concentrations [(7.2 ± 1.4) × 10−9 nmol/cell to (10.9 ± 1.0)
× 10−9 nmol/cell] were the highest, indicating that
biodegradation was most active where BAM and oxygen
were well mixed via transverse dispersion (Figure 2c,d). In
contrast, at the center of the plume, the comparatively lower
bacterial cell numbers indicated that degradation was limited
by the depletion of the electron acceptor (i.e., oxygen). This is
supported by the observation that although a large number of
cells [(2.70 ± 0.09) × 106 cells/ml] were washed out from the
center of the plume, the measured ATP of those cells [(1.78 ±
0.75) × 10−9 nmol/cell] was lower than the ATP at the fringes
[(1.09 ± 0.10) × 10−8 nmol/cell] (Figure 2d).
Mass-Transfer Limitation Revealed by Decreased

Isotope Fractionation. Figure 3 shows the experimental
and simulated profiles of carbon and nitrogen isotope values of
BAM in the form of the differences in δ13C and δ15N values
between the outlet and the inlet of the tank. The dual-element
isotope plot of Δδ13C vs Δδ15N (Figure 3c) shows a slope λ of
1.4 ± 0.5, which is consistent with a value of 1.75 ± 0.03
expected for bacterial BAM hydrolysis reported by Reinnicke
et al.53 We experimentally observed the strongest changes in
isotope values (Δδ13C values between 9.3 ± 0.5 and 12.4 ±
0.5‰, Δδ15N values between 21 ± 1 and 24 ± 1‰) at the
fringes where the electron donor and acceptor were mixed,
bacterial activity was high (see Figure 2), and BAM
concentrations ranged from 0.4 ± 0.6 μmol/L to 15 ± 9
μmol/L (z = 6, 7 and 10 cm). In contrast, and as expected, the
center of the plume (z = 8 cm and z = 9 cm) showed
comparatively small changes in isotope values (Δδ13C = 7.3 ±
0.5 and 7.9 ± 0.5‰, Δδ15N = 17 ± 1 and 18 ± 1‰). Here,
biodegradation was limited by the lack of the electron acceptor
(i.e., oxygen).

At the upper and lower boundaries of the plume, where the
electron acceptor was in excess, the residual BAM concen-
trations were 0.1−50 μg/L (z = 1−5, 11−16 cm),
corresponding to the concentrations at which BAM is often
detected in groundwater across Europe.44−47 In these zones,
where BAM concentrations decreased most strongly, isotope
values did not strongly increase but rather decreased
significantly. This was contrary to the expected behavior
depicted in Figure 1, scenario (a), and to the simulation results
in the absence of mass transfer (dashed lines in Figure 3a,b).
The drop in δ-values at low concentrations was accurately
reproduced by our model that considered the mass transfer of
the substrate into and out of the bacteria (solid lines in Figure
3a,b corresponding to the predictions in Figure 1, scenario
(b)). Thus, both experimental and simulated results indicate
that mass transfer through the cell membrane masked the
isotope fractionation at low concentrations in the flow-through
porous-media system. This is consistent with the hypothesis of
concentration-dependent mass transfer limitation predicted by
Thullner et al.,27,28 and the observation that atrazine isotope
fractionation was masked at low concentrations in batch and
chemostat experiments.18,19

Mass Transfer of BAM Through the Cell Membrane. If
the substrate supply into the cell is rate limiting, the
intracellular substrate will be used up, resulting in smaller
concentrations compared to the concentrations outside at
steady state. At high surrounding concentrations in the plume
center, when the enzyme reaction was still the rate-determining
step, model predictions imply that this intracellular substrate
depletion was not yet strongly pronounced. The simulated
intracellular BAM concentration still reached 80% of the bulk-
phase concentration (Figure S3c), and the isotope fractiona-
tion of BAM observed in the bulk phase largely reflected the
fractionation by the enzyme. In contrast, at low bulk
concentrations, where mass transfer through the cell
membrane was the limiting factor (Figure 3a), model
simulations predicted a much steeper concentration gradient
across the cell membrane so that the simulated intracellular
BAM concentration made up only 4% of the surrounding bulk-
phase concentration (Figure S3c).
The model simulations resulted in a well-constrained mass

transfer coefficient of BAM of 7.6 ± 0.5 s−1, which can be

Figure 4. Threshold concentration for mass-transfer limitation determined by the distribution curve of the observed carbon isotope values Δδ13C,
and the simulated apparent enrichment factor *ε. (a) Carbon isotope fractionation plotted against the BAM bulk concentration in the outlet. Blue
solid lines and dashed lines represent the simulated isotope values with and without the assumption of mass-transfer limitations, respectively.
Measured data were labeled with the position of each outlet port (z = 1−16 cm). The gray zone represents the estimated threshold concentration
range where the observed isotope values indicate the influence of mass-transfer limitations. (b) Simulated apparent enrichment factor *ε based on
eq 20 (circles) and Thullner et al. (plus signs, eq S29) vs the corresponding bulk concentration and (c) along the outlet vertical profile. The vertical
black dashed lines in panels (a) and (b) represent a simulated BAM threshold concentration of 600 μg/L (*ε = −0.5‰).
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converted (eq S1) to an estimated apparent permeation
coefficient Papp

BAM of (1.1 ± 0.1) × 10−6 m s−1 that describes
how fast BAM permeates through the two lipid bilayers of the
cell wall. Papp is proportional to the effective membrane
diffusion coefficient Dmem and the lipid−water distribution
coefficient Klipw.

70 Compared to the permeation coefficient
derived for mass transfer of atrazine through the cell
membrane of Arthrobacter aurescens TC1, Papp

atrazine = 3.5 ×
10−5 m s−1, the smaller permeation coefficient of BAM is likely
attributable to a smaller lipid−water distribution coefficient
(Klipw

BAM = 11 vs Klipw
atrazine = 74119). Hence, BAM does not

penetrate as easily through the lipid membrane because it is
more hydrophilic than atrazine. In contrast, the modeled
effective membrane diffusion coefficients agree within one
order of magnitude (Dmem

BAM = (1.0 ± 0.1) × 10−15 m2 s−1 vs
Dmem

atrazine = 1.9 × 10−16 m2 s−1),19 which is in very good
agreement considering that different organisms with different
cell walls were involved.
In Which Concentration Range Does a Mass-Transfer

Limitation Appear? To estimate the concentration range in
which mass transfer became limiting, we plotted the changes in
carbon isotope values against the concentrations of BAM and
visually assessed the concentration at which the carbon isotope
fractionation became strongly masked (Figure 4a). The
experimental data suggested a BAM threshold range between
5.3 ± 7.6 and 70 ± 112 μg/L (z = 5−6 cm) in the lower region
of the plume and a threshold range between 51 ± 78 and 900
± 400 μg/L (z = 10−11 cm) in the upper region of the plume
(grey zone in Figure 4a). To quantitatively analyze the masked
isotope fractionation due to mass transfer limitation, we
calculated the apparent carbon isotope fractionation enrich-
ment factor *ε based on eq 20 (derivation is provided in the
Supporting Information) which is analogous to the expression
brought forward by Thullner et al.28
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With fitted values of rmax
hydro(67.3 ± 1.3 μmol Lcell

−1 s−1), Km
BAM

(0.38 ± 0.03 μmol Lint
−1), and ktr

BAM (7.6 ± 0.5 s−1) and a fixed
enzymatic fractionation factor α0 of 0.992 (ε0 = −8‰),53 the
calculated value of ε * in the outflow was in the range between
−6.3 and −0.33‰ (Figure 4b,c). The turning point at which
|ε*| ≤ 0.5‰ was at a bulk concentration value of 600 μg/L
(Figure 4b), which was in agreement with the observed
threshold range between 51 ± 78 and 900 ± 400 μg/L (z =
10−11 cm). In this threshold range, mass transfer would start
to become strongly limiting, as evidenced by masked isotope
fractionation. This estimated threshold concentration value of

600 μg/L was somewhat higher than the fitted Km
BAM (72 ± 6

μg Lint
−1) and a reported Km of BAM in the literature (Km =

135 ± 17 μg/L),52 which is consistent with the prediction that
the threshold domain may extend over a certain range because
masking is predicted to depend on the magnitude of several
rate parameters relative to each other (i.e., Km

BAM, rmax
hydro, and

ktr
BAM).28 Even at a relatively high substrate concentration of
8000 μg/L, the enzymatic fractionation factor was already
masked with ε* = −6.3‰, which was comparable to the
observed reduced atrazine isotope fractionation factor of
atrazine hydrolysis with ε* = −3.5‰ at an atrazine
concentration of 4000 μg/L.18

Implications for Interpretation of Isotope Fractiona-
tion to Assess Biodegradation in Field Studies. The
recognition of cellular mass transfer as a limiting factor in field
settings has implications for both interpretations of isotope
fractionation and the understanding of bottlenecks in micro-
pollutant degradation. For the interpretation of isotope
fractionation at contaminated sites, mass transfer on the
cellular level has received little attention thus far. Instead, the
Rayleigh equation has been extended to explain cases of small
isotope fractionation by introducing different additional
factors: (a) variable degradation rates,71 (b) diffusion- or
dispersion-induced isotope fractionation,38,39 (c) an isotopic
interference from mixing by dispersion or from secondary
sources,72,73 and (d) the diminishing effect of a mixing-
controlled transport process,13,42,74 or other physical and
chemical heterogeneity.40,41

(a) Regarding variable degradation rates, Wanner and
Hunkeler observed decreased changes in carbon isotope
ratios with depth in contaminated clay, which were
explained by a nonuniform, depth-dependent degrada-
tion rate due to nutrient availability in the aquitard.37

Our results suggest that mass-transfer limitation by cell−
wall permeation could provide an alternative explan-
ation.

(b) As per dispersion, several studies have assumed that
isotopologue-specific transverse dispersion may explain
isotope patterns observed in transverse profiles of
steady-state plumes.38,39 In contrast, recent work from
our lab demonstrates that diffusion- and transverse
dispersion-induced isotope fractionation of BAM at
natural isotopic abundance in a 2-D flow-through
sediment system is negligible:54 Diffusion- and trans-
verse dispersion-induced isotope enrichment factors ε
were smaller than −0.4‰, and changes in carbon and
nitrogen isotope values were within ±0.5 and ±1‰,
respectively. Thus, isotope effects of the dispersion can
be excluded as an explanation of the observed isotope
patterns in the present study.

(c) With regard to mixing with a secondary source,
Prommer et al.72 observed muted carbon isotope
fractionation of toluene with decreasing toluene
concentration at a tar oil-contaminated field site. The
failure to detect strong changes in the isotope gradient at
low concentrations was explained as the combined result
of the additional dissolution of fresh toluene that would
dwarf any degradation-induced changes, and a lack of
degradation. Muted isotope fractionation was also
reported for N2O when tracing microbial N2O
production and consumption, where Wenk et al.73

observed significantly weaker N and O isotope effects
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than expected in lake basins at N2O < 80 μmol/L.
Therein, the interference from sedimentary N2O
consumption or production was considered as the
potential reason. Alternatively, our study brings forward
mass-transfer limitation at the cellular level as a possible
explanation.

(d) When mass transfer is considered, aquifer heterogeneity
is commonly assumed to be the main factor during the
reactive transport of contaminants. Druhan and Maher42

simulated diminished isotope fractionation by describing
the reactive transport with a travel time distribution as a
modifying factor in the Rayleigh equation. Our results
show that observable isotope fractionation can be
strongly masked by membrane mass transfer even in a
homogeneous system.

Our findings are, however, in line with the work on
microbial sulfate reduction, where studies22,75−77 converge to a
balance between the mass transfer of sulfate through the cell
membrane and net sulfate respiration rates, with decreasing
isotope fractionation at decreasing extracellular sulfate
levels.7,8,22,30,31 Wing and Halevy8 combined kinetic sulfur
isotope fractionation, selective sulfate uptake, and equilibrium
between extracellular and intracellular sulfur pools. Our model,
in contrast, suggests that isotope fractionation may not
decrease linearly with concentrationsas conceptualized by
Wing and Halevy8 and implemented by Crowe et al.31but
would follow a steeper decline within a narrower range as
defined by Michaelis−Menten enzyme kinetics, as hypothe-
sized by Habicht et al.30

To further highlight the impact of mass transfer through the
cell membrane, Figure 5b compares simulations using the
Rayleigh equation (red solid line) and simulations from a
reactive transport model with (blue solid line) and without
(blue dashed line) cellular mass transfer. According to Figure
5b, a direct application of the Rayleigh equation at low
remaining concentrations would significantly underestimate
the extent of degradation. Even reactive transport modeling
without the mass-transfer limitation on the cellular level would
fail to explain the extent by which observable isotope
fractionation was diminished at low concentrations. This
illustrates that it is important to consider mass transfer at the
cellular level in reactive transport models.
Implications for Bacterial Adaptation to Biodegrada-

tion at Low Concentrations. Figure 5a reveals three
different concentration regimes that give rise to different
limitations and adaptations of bacterial activity. In regime (i),
where BAM concentrations were higher than the threshold of
around 600 μg/L (z = 7−10 cm, blue data points in Figure 5a)
isotope fractionation followed a trend close to Rayleigh-type
isotope fractionation, indicating an unlimited substrate supply
into the cells. In regime (ii), at the plume fringes (z = 6 and 11
cm, green data points in Figure 5a), the combination of lower
concentrations and higher biomass created a constellation in
which mass transfer became limiting and isotope fractionation
started to become masked. When moving further toward the
low-concentration regime (z = 5, 11−13 cm) isotope values
continued to decline due to the mass-transfer limitation. In
regime (iii), when substrate concentrations became even lower
(z = 1−4, 14−16 cm, purple data points in Figure 5a), changes
in isotope values remained equally small. At the same time,
however, the remaining concentration fraction f was higher
corresponding to a smaller extent of degradation. Therefore,

these greater values of f indicated a slowdown of
biodegradation, which may point to physiological adaptation
or decreased biomass at such lower concentrations. Given that
in this very low-concentration region bacteria were less
metabolically active,61 degradation was likely not only mass-
transfer limited but in addition limited by subsequent bacterial
adaptation. The reactive transport model (solid blue line in
Figure 5a) accurately simulated the trend in f values and the
decrease of isotope values in regime (i) and (ii). However,
because the model did not include bacterial adaptation, it did
not capture the countertrend toward larger f values at even
lower concentrations in regime (iii).
The results of this study revealed a concentration-dependent

microbial degradation in a bench-scale physical aquifer model
that was limited by mass transfer at the cellular level, at low
concentrations, and, possibly, subsequent bacterial adaptation.
The results further demonstrate that the assumption of a
constant isotopic enrichment factor over the entire substrate
concentration range would not be appropriate when evaluating
such biodegradation and bacterial activity at low concen-
trations. To account for this, reactive transport models need to
be complemented by a term accounting for mass transfer
through the bacterial cell membrane. Finally, the relationship
between degradation, ln( f), and isotope fractionation, ln(Rt/
R0) (Figure 5a), holds potential to recognize underlying
limitations (mass transfer vs physiological adaptation) during
ongoing biodegradation. The approach may, therefore, help to
identify optimum substrate concentrations for maximum
degradation (points farthest to the left in Figure 5a) in
bioremediation schemes.

Figure 5. (a) Δδ13C plotted against the remaining fraction of BAM in
the bulk solution after normalization to conservative transport
concentrations f(z) = creac(z)/cconservative(z). Measured data were
labeled with the position of each outlet port (z = 1−16 cm, from the
lower to upper boundary). Regime (i) (blue data points) represents
Δδ13C with none-to-little mass-transfer limitation; Regime (ii) (green
data points) represents Δδ13C with strong mass-transfer limitation;
Regime (iii) (purple data points) represents Δδ13C with the
combined effect of strong mass-transfer limitation and physiological
limitation. Panel (b) represents the relation between ln( f) and ln(Rt/
R0). The blue solid line represents the simulated trend in isotope
ratios when considering both dispersion and mass-transfer limitations
on the cellular level. The blue dashed line neglects the cellular mass
transfer but accounts for the effect of the dispersion on degradation-
induced isotope ratio gradients. The red solid line represents the
classical Rayleigh relation that would be observed in a well-mixed
experimental batch with εcarbon = −8‰.
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